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The impact of an invasive plant changes over time
Abstract
Many exotic plant invaders pose a serious threat to native communities, but little is known about the
dynamics of their impacts over time. In this study, we explored the impact of an invasive plant Heracleum
mantegazzianum (giant hogweed) at 24 grassland sites invaded for different periods of time (from 11 to
48 years). Native species’ richness and productivity were initially reduced by hogweed invasion but tended
to recover after ~30 years of hogweed residence at the sites. Hogweed cover declined over the whole period assessed. A complementary common garden experiment suggested that the dynamics observed in the
field were due to a negative plant–soil feedback; hogweed survival and biomass, and its competitive ability
were lower when growing in soil inocula collected from earlier-invaded grasslands. Our results provide evidence that the initial dominance of an invasive plant species and its negative impact can later be reversed
by stabilising processes.
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Exotic plant invasions may have detrimental impacts on native plant
communities by reducing their native species diversity (Levine et al.
2003; Vila et al. 2011). Exotic invaders can displace resident species
through superior competitiveness or the production of novel allelochemicals (Vila & Weiner 2004; Lankau et al. 2009; but see Dostal
2011). The dominance of exotic species at the expense of native
plants is also often explained by the modification of nutrient and
material fluxes within the invaded community (Ehrenfeld 2003;
Levine et al. 2003).
The impact of an invasive species does not necessarily remain
constant over the course of invasion (Strayer et al. 2006; Strayer
2012), and both ecological and evolutionary processes may increase
or attenuate the impact of invaders on the resident community. For
example, Mitchell et al. (2011) found fewer native species in older
vs. younger stands of exotic cattails (Typha sp.) due to an increasing
litter layer. In contrast, the cover of native woody species in the
forest understory invaded by Alliaria petiolata increased in sites
where invasive populations were present for a long time, which was
attributed to them losing an advantage due to becoming less allelopathic (Lankau et al. 2009). Similarly, selection for native genotypes
tolerant to allelopathy can equalise the fitness of invaders and that
of resident species (Callaway et al. 2005).
Along with these equalising processes, the coexistence of resident
and invasive species depends on stabilising processes such as the
density-dependent specialist enemy attack (Janzen 1970; Connell
1971; Chesson 2000; MacDougall et al. 2009). The initial advantage
of exotic species due to missing enemies may translate into
improved performance (Keane & Crawley 2002; Reinhart et al.
2003; DeWalt et al. 2004) and, most likely, also into local dominance
at the expense of native species. Over the course of invasion, however, specialist pathogens or herbivores, subsequently introduced

from the previous range (Zangerl & Berenbaum 2005) or recruited
from native pests (Carroll et al. 2005), are expected to reduce the
dominance of the invader, facilitating the recovery of the native
species (Flory & Clay 2013). Simberloff & Gibbons (2004) list several examples of boom-and-bust cycles of invaders’ populations in
their new ranges together with changes in their impact, and hypothesise that diseases could be the proximal cause of the collapse of
the invaders. To date, there are several examples of increased
enemy richness and control over the performance of exotic species
that have colonised novel ranges at an earlier time (Hawkes 2007;
Diez et al. 2010; Mitchell et al. 2010). To our knowledge, however,
there are no rigorous data documenting pest accumulation and a
subsequent modification of the invaders’ impact along an invasion
chronosequence (see discussion in Strayer 2012).
Heracleum mantegazzianum Sommier & Levier (giant hogweed) is a
stout, up to 5 m tall, monocarpic perennial umbellifer native to the
western Greater Caucasus that was introduced to Europe in 1817
(Jahodova et al. 2007). Following its introduction, it became invasive
in a number of European countries, including the Czech Republic
(Pysek et al. 2012). Giant hogweed predominantly invades grasslands, where it can form large and dense stands and significantly
reduce native species richness (Thiele & Otte 2007; Hejda et al.
2009) due to the reduction in light availability and changes in soil
properties (Thiele et al. 2010). Hogweed also produces allelopathic
compounds (Junttila 1975), yet its significance in competitive interactions remains to be proven.
In this study, we used spatially explicit knowledge of the invasion
of giant hogweed in the western part of the Czech Republic, which
was derived from a sequence of aerial photographs previously used
to analyse the dynamics of invasion in this region (M€ullerova et al.
2005, 2013; Nehrbass et al. 2007). The mapping of invading populations in particular years made it possible to perform vegetation surveys at sites invaded for different periods of time. At the same
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sites, we also sampled soil inocula for an experiment to evaluate the
effects of soil biota on hogweed and native species performance
and competitive ability. Our goal was to test the hypothesis that
native species richness and native biomass production will be most
reduced in recently invaded communities but will recover in older
hogweed stands. If true, we hypothesised that this pattern was driven by the accumulation of soil pathogens in the older hogweed
stands, thus reducing hogweed performance and/or its competitive
ability.

METHODS

Survey of plant communities

We performed vegetation surveys in the Slavkovsky les Protected
Landscape Area, which is located in the western part of the Czech
Republic (Fig. 1). Hogweed was introduced to this region as an
ornamental plant in 1862 but began to spread massively only after
WWII, presumably as a consequence of the lack of appropriate
grassland management after the displacement of the German popu(a)

(b)

Figure 1 (a) Map of the Czech Republic with a square indicating the study
location. (b) Map of the sites included in the study. Within each area, there were
uninvaded grasslands and grasslands invaded for 11 to 48 years.
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lation (Pysek 1991). To obtain the information on sites invaded for
different periods of time, we used data explored in the study by
M€ullerova et al. (2005, 2013), who reconstructed the hogweed invasion dynamics in this region over the past 50 years using a series of
aerial photographs. We chose five areas (Fig. 1; Appendix S1) and
in each of them identified grassland sites that were invaded (1) in
1962 or earlier, (2) between 1963 and 1973, (3) between 1974 and
1991, (4) between 1992 and 2006 and (5) were free of hogweed
prior to 1962 and remained uninvaded until 2006. These intervals
were further classified by the estimated mean age of the hogweed
stands, yielding a chronosequence of invasive populations of differing age, i.e. (1) a minimum of 48 years, (2) 42 years, (3) 28 years,
(4) 11 years and (5) 0 years (indicating hogweed-free sites). Mean
age of 42 years, e.g. was calculated as (2010 1963+2010 1973)/2,
with 2010 being the year when this study was initiated and 1963
and 1973 the years when aerial photographs were taken.
In 2010, sites were surveyed for the presence or absence of hogweed. In total, we included 24 sites of five different invasion histories as outlined above, each represented by five (or four) replicates
(Fig. 1; Appendix S1). We assumed independent invasion dynamics
within the individual areas; this assumption is justified by the maximum distance between sites within the areas being 1316 m
(mean = 491.3 m; SD = 305.3 m) and the minimum distance
between
the
area
centres
2497 m
(mean = 6935.3 m,
SD = 2951.8 m). We also assumed that the sites involved in this
study were similar in environmental conditions prior to the invasion
because the historical aerial photographs indicate that the sites now
colonised by hogweed used to be managed grasslands, as are the
hogweed-free sites at present. However, as in all space-for-time-substitution studies, we cannot rule out the possibility that the pre-invasion differences in the abiotic and community characteristics also
influenced the hogweed invasion and its temporal dynamics (see
Appendix S2 for more details).
During the vegetation peak in June 2011, we determined plant
species composition and species cover (in %). At each of the 24
sites, we installed three transects separated by a distance of 7 m,
with three 2 9 2 m plots per transect; the centres of the neighbouring plots were 7 m apart. At the sites with hogweed populations present, we located the grid in the middle of the hogweed
stands. At several sites, we were only able to install two transects
due to the linear shape of the hogweed populations growing, e.g.
along road edges. The sampling was thus done in nine or six plots
per site.
The species data collected in all plots at a particular site were
pooled for further analyses. For each site, we calculated the cumulative number of native species (S, species richness), the Shannon
diversity index (H′) and evenness (J’), which was calculated as
H′/ln S (Magurran 1983). Shrub and tree species were excluded
from the data set (n = 11 species), as were the four neophytes (alien
species introduced since the end of the Medieval Period) from a set
of 155 species that were recorded during a vegetation survey. The
mean species cover was used for the calculation of H’ and J’.
Diversity of sites represented by six plots was not significantly different from diversity of sites where nine plots were sampled
(P > 0.5 in all three diversity parameters).
At the same time, we also harvested the native species biomass
2 cm above the ground in 25 9 25 cm squares located in each
plot. The biomass was then dried to a constant mass at 70 °C. In
addition, we harvested the hogweed biomass in three 2 9 2 m plots
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at the invaded sites for a total productivity analysis (i.e. sum of
mean native and hogweed biomass), with the value recalculated for
an area of 0.0625 m2. The biomass sampling was performed prior
to the any mowing or grazing applied by managers at the hogweedfree sites.
We also used the same plots to calculate the mean hogweed
cover at the invaded sites. All invaded sites were free of any management during the community selection in 2010, but a hogweed
eradication campaign was initiated at six sites in 2011 prior to data
collection (see Appendix S1). We included native community measurements but not hogweed cover measurements (and total biomass) from these six sites in our further analyses.
Common garden experiment

In addition to the vegetation survey, at 20 sites, we sampled soil
blocks along four transects (5 m apart) with 10 sampling points
each (5 m apart) during late June 2010 (Appendix S1; soil sampling
was not performed in the ‘Lazy’ area). The sampled blocks were
approximately 10 9 10 9 8 cm in size. At certain sites, we were
able to install two transects only; in such cases, the soil was sampled at 20 sampling points per transect.
The soil from the same site was then bulked, homogenised and
sieved through a 10-mm mesh to remove large stones and roots.
Half of the soil from each site was sterilised by 25 kGy gamma irradiation, and the other half was left untreated; both were mixed with
sterile sand in a 2 : 3 ratio. The sterilization treatment was crossed
with the addition of activated carbon to control for possible hogweed allelopathic effects (Junttila 1975), adding 20 g of carbon per
litre of substrate mixture (particle size of 0.075 mm; Resorbent,
Ostrava, Czech Republic). The factorial manipulation of sterilization
and activated carbon gave four soil treatments.
The soil treatments were combined with three planting schemes.
In 2.5 l pots, we added either (1) one hogweed seedling alone, (2) a
mixture of native seed or (3) one hogweed seedling along with the
native seed mixture. Hogweed seedlings were obtained in the field
and their roots were surface-sterilised with 2% bleach for one hour.
Each seedling was also measured for root length and width to estimate its below-ground biomass; the product of the two measured
parameters effectively predicted the root biomass (R2 = 0.737,
P < 0.001; based on n = 20 seedlings). The native seed mixture consisted of forbs Plantago lanceolata and Centaurea jacea (10 seeds each)
and 20 seeds of Dactylis glomerata (grass). These are native grassland
species observed to occur in the study area, with D. glomerata being
the most abundant and C. jacea the rarest plant species. Dactylis glomerata was found in all of the communities whereas P. lanceolata and
C. jacea tended to occur at uninvaded sites or at those harbouring old
hogweed stands. The native seeds used in the experiment had no
prior contact with hogweed (purchased from Planta Naturalis, Sobotka, Czech Republic), i.e. the results of the experiment were not
confounded by possible evolutionary adaptations of the native species to hogweed.
The experiment was initiated in early July 2010 and consisted of
480 pots (20 sites of soil origin 9 four soil treatments 9 three
planting schemes 9 two replicates) randomly placed in beds of the
experimental garden of the Institute of Botany in Pr
uhonice, Czech
Republic (49°99′N, 14°57′E). In addition, we prepared four replicates per site that were left untreated and without native seed addition to check for the presence of the three native species in the
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soil inoculum; no seedlings of the native mixture germinated in
these controls. The experiment was maintained by watering, if necessary, and by fertilization using 0.25-strength Hoagland solution,
100 mL per litre of substrate, which was performed biweekly until
the end of September 2010 and again from early May 2011 until
mid-July 2011, when the experiment was terminated. The hogweed
seedlings that died during the first month of the experiment were
replanted. The pots were weeded regularly to remove non-sown
species.
We recorded the number of native germinants by the end of
August 2010 and hogweed survival by mid-October 2010, early May
2011 and mid-July 2011. We separately harvested the above-ground
biomass for each species in mid-October 2010. In mid-July 2011,
we performed the final harvest and sampled the above-ground biomass separately for each species and the below-ground biomass separately for hogweed and the natives. The biomass was dried at
70 °C. Herein, we report the total native and hogweed biomass and
the hogweed survival recorded during the final harvest.
Statistical analyses

Survey of plant communities
First, we analysed the effect of hogweed invasion (i.e. of hogweed
presence/absence at the sites) on native species richness and productivity. Within invaded sites, we tested the effect of hogweed
cover on richness and productivity. We used linear mixed models
with area as random effect.
Second, we tested the effect of invasion history (time since community invasion) on the native species diversity (expressed as the
species richness, H′ and J’), native productivity and total productivity. In addition, we tested whether the invasion history was a significant predictor of the variation in native species composition. For
the latter, we used detrended correspondence analysis (hereafter
DCA) to calculate the axis 1 and axis 2 (that explained 19.8 and
12.0% of the variance respectively) site scores from the species
composition data (with species cover included). We also analysed
hogweed cover at sites differing in invasion history.
We ran three models for each of the above eight response variables (see also Appendix S3), one with the time variable entered as
a linear term only, another one with both linear and quadratic terms
for time, and the third one with intercept only. We used linear
mixed models to test for the fixed effects of time, with area
included as a random effect. The statistical significance of the fixed
effects was estimated using likelihood ratio tests, and the model
with the best fit was also identified based on Akaike’s Information
Criterion.
Common garden experiment
We searched for effects of soil origin (i.e. for differences between
soils with different invasion histories measured as time since the site
was invaded), sterilization, the addition of activated carbon, and
competition on the performance of hogweed and that of native
plants. We analysed hogweed survival and total biomass, separately
for hogweed and the native species, harvested in mid-July 2011.
We constructed a full model that included all four treatments as
the main and interacting effects (entered as fixed effects), producing
a four-way interaction model. Area and site nested within area were
included as random effects. Likelihood ratio tests were used to estimate the statistical significance of main effects and their interactions,
© 2013 John Wiley & Sons Ltd/CNRS
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and to obtain a minimum adequate model. Binomial errors were
used in the models for hogweed survival.
For the total hogweed biomass, we ran an additional model using
the mean biomass per site of inoculum origin (instead of the biomass from individual pots used in the above-described models).
Time, sterilization and their interaction were used as predictors
(fixed effects), with area included as random effect.
In the analyses of hogweed survival and biomass, the initial root
biomass of the hogweed seedlings from early July 2010 was entered
as a covariate, log(x 9 1000)-transformed.
The hogweed total biomass was square-root-transformed to meet
the assumptions of homoscedasticity and normality of residuals.
The outliers [determined by the 1.5 9 interquartile range (IQR)
rule] for the hogweed (n = 5 values) and native total biomass values
(n = 3) were replaced by the mean values. Alternative models with
outliers retained or removed yielded similar results (data not shown)
as those with outliers replaced by the mean. The native mixtures
initially planted with hogweed that died by May 2011 were entered
in the analysis as hogweed-free (competition-free) pots based on the
observation that hogweed had no effect on the native above-ground
biomass during the harvest in mid-October 2010 (p = 0.387). Raw
data can be found in Appendix S5.
Mixed-effects models were developed using R version 2.14.2
(R Development Core Team 2012), specifically with the R packages
lme4 and nlme (Bates et al. 2012; Pinheiro et al. 2012). Marginal R2
(proportion of variance explained by the fixed factors alone) and
conditional R2 (proportion of variance explained by both the fixed

and random factors) were calculated according to Nakagawa &
Schielzeth (2013). DCA was performed using CANOCO (ter Braak
& Smilauer 2002).
To assess the native community recovery in invaded sites, we
used measurements at uninvaded sites as a reference point. We also
included soil inocula from uninvaded sites in the experiment to estimate the effects of initial soil conditions. Including uninvaded sites
could, however, prevent the detection of temporal changes within
invaded sites as the dynamic view of invasion impacts predicts
(Strayer et al. 2006). To overcome this problem, we repeated the
analyses with measurements from invaded sites only, and also with
plants grown in soil inocula originating from there.

RESULTS

Survey of plant communities

Hogweed invasion was correlated with low native species richness: we
found 40.8 ( 1.4 SE) species at hogweed-free sites, whereas communities colonised by H. mantegazzianum hosted an average of 31.3 ( 1.6
SE) species (t-value = 2.975, P = 0.004). The invaded communities
were also less productive in terms of native biomass (18.2  2.2 g vs.
10.8  1.2 SE g of dry biomass/0.0625 m2 (mean  SE) in uninvaded vs. invaded communities; t-value = 3.122, P = 0.004) but not in
terms of the total biomass (18.2  2.2 g vs. 16.4  1.3 g of dry biomass/0.0625 m2 (mean  SE) in uninvaded vs. invaded communities; t-value = 0.516, P = 0.54). Within invaded sites, greater
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Common garden experiment

Of the 320 hogweed seedlings that were initially planted, one hundred and sixty-one survived until mid-July 2011. The survival was
reduced by competition (z-value = 6.121, P < 0.001; Appendix
S4), the effect of which was further modified by sterilization (competition 9 sterilization: z-value = 4.149, P < 0.001): without
competition, more plants survived in the sterile (n = 59 plants) than
non-sterile substrate (n = 44 plants). In the presence of native species, twice as many hogweed plants survived under the non-sterile
condition than in pots with the sterile inoculum (38 vs. 20 plants).
Although the biomass of native species grown with hogweed was
larger in sterile than non-sterile inocula (18.7  0.8 g vs.
13.4  0.7 g, mean  SE) and could thus have a more detrimental
effect on hogweed survival, the effect of sterilization treatment
remained significant even if the native biomass was used as a covariate (z-value = 2.272, P = 0.023). Survival was also less likely in the
substrate with activated carbon (z-value = 2.198, P = 0.028).
Consistent with our hypothesis, soil inocula collected at sites with
longer invasion history had a greater negative effect on the survival
of hogweed plants. Importantly, this trend was found in pots with
non-sterile inoculum only (time 9 sterilization: z-value = 2.515,
P = 0.012; Fig. 3a). Addition of activated carbon modified this relationship (see Fig. S1 in Appendix S4) as indicated by a marginally
significant three-way interaction (activated carbon 9 time 9 sterilization: z-value = 1.896, P = 0.058). When analysed separately, a
significant time 9 sterilization interaction was detected in pots
without addition of activated carbon but not in pots with carbon
(Appendix S4).
The hogweed total biomass was smaller in pots with the non-sterile (13.8  1.6 g, mean  SE) than sterile inoculum (28.8  2.4 g,
mean  SE; t-value = 4.698, P < 0.001) and was also reduced by
the competition with native species (t-value = 8.407, P < 0.001;
Appendix S4). When the hogweed total biomass (taken as the mean
per site of inoculum origin) was regressed against the invasion history in an additional model, a pattern similar to that for hogweed
survival was found: plant size decreased with the soil inoculum collected in the older hogweed stands but only if not treated by sterilization (a marginally significant time 9 sterilization interaction:
t-value = 1.960, P = 0.059; Fig. 3b, Appendix S4).
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hogweed cover reduced both the species richness (t-value = 1.983,
P = 0.088) and native productivity (t-value = 2.288, P = 0.056),
though the effect was only marginally significant.
The impact of hogweed changed during its invasion history. The
best fit models in the analysis of hogweed impact included both linear and quadratic terms for the time since community invasion.
Specifically, the native species richness and productivity consistently
decreased with time from the beginning of invasion; they were most
strongly reduced in the 28-year-old stands but increased again in the
older populations (Fig. 2a, b; Appendix S3). This unimodal pattern
was also found for Shannon diversity H′ and DCA axis 1 scores of
the community composition data (Fig. 2c). Evenness J’, total productivity and DCA axis 2 scores were, however, similar across the
sites of different invasion history (Appendix S3).
Maximum hogweed cover (66.2  7.1%, mean  SE) was
recorded in the earliest invasion stage, in 11-year-old stands, but
declined linearly with the time since invasion (P = 0.046), reaching
56.2  7.4% in the 48-year-old populations (Fig. 2d; Appendix S3).
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Figure 3 Survival probabilities (a) and total biomass (b) of hogweed plants by
July 2011 in the common garden experiment. The plants were grown in
substrates that included non-sterile and sterile soil inocula sampled from sites
with different invasion histories (including uninvaded sites and sites invaded for
11 to 48 years). In (a), hogweed plants were less likely to survive in non-sterile
inocula sampled at sites invaded for longer time (P = 0.012 of
time 9 sterilization interaction). In (b), biomass (mean per site of inoculum
origin) decreased with longer invasion history, but in non-sterile (full line) rather
than sterile inocula (dashed line; P = 0.059 of time 9 sterilization interaction).

The native total biomass was reduced in pots with the non-sterile
(13.5  0.5 g, mean  SE) compared to the sterile inoculum
(18.9  0.5 g, mean  SE; t-value = 7.683, P < 0.001). Hogweed
presence also decreased the biomass of native species
(t-value = 2.526, P = 0.012), but its competitive effect was
dependent on the origin of the soil inoculum. Specifically, when grown
with the invader, the native biomass increased with inocula collected
at sites with longer invasion history (time 9 competition:
t-value = 2.382, P = 0.018; Fig. 4, Appendix S4). The significant time
9 competition interaction associated with native biomass was mostly
due to plants grown in sterile rather than non-sterile inocula (Appendix S4). Further, the effect of time on the biomass of native species
was independent of the biomass of hogweed plants (treated as a covariate) growing together with natives (t-value = 2.262, P = 0.045).
Re-analysing the data with invaded communities only

When uninvaded sites were excluded from the analyses of field
community measurements, evenness J’ (Fig. S1 in Appendix S3) and
© 2013 John Wiley & Sons Ltd/CNRS
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Figure 4 The native total biomass (mean  SE) grown with (full line) and
without (dashed line) hogweed in a common garden experiment. The presence
of hogweed significantly (P = 0.012) reduced the native biomass, but its
competitive effect was dependent on the invasion history of the community
from which the soil inoculum was sampled (P = 0.018 of time 9 competition
interaction).

Shannon diversity index increased with the age of hogweed stands
(although the effect was only marginally significant in case of the
latter parameter). Variation in all other parameters including species
richness and composition (DCA axes scores) was not, however,
related to the invasion history (Appendix S3).
Regarding the experiment, similar temporal trends as those found
for a complete data set were indicated for hogweed survival and
native species’ biomass but not for hogweed total biomass (with
mean per site of inoculum origin; Appendix S4).
DISCUSSION

The rapidly growing interest in biological invasions is closely associated with their potential impact on native communities (Levine
2008). In most studies, the impact is usually derived from a comparison of invaded and invasion-free plots of presumably similar
environmental conditions (e.g. Hejda et al. 2009) without further
reference to the invasion history. However, such an approach cannot properly estimate the long-term effects of the invader on the
native community, as these can change over time (reviewed by
Strayer et al. 2006). In accordance with this argument, we found that
the hogweed impact on the diversity and productivity of native species is dynamic: the invader exerted the strongest effect on native
communities in the early stages of invasion, up to approximately
30 years, with the impact diminishing after 40–50 years since the
beginning of invasion. We showed that temporal changes occurred
also within invaded sites only as the evenness and Shannon diversity
index increased linearly since the beginning of the invasion. There
was, however, little evidence for an increase of species richness or
change in species composition in older hogweed stands when uninvaded sites were excluded from the analyses.
Changes in the hogweed impact are likely associated with the
decreasing dominance of this species in the invaded communities
over time. Our results indicate that hogweed cover in the oldest
populations (48 years old) was smaller by 10% than at the begin© 2013 John Wiley & Sons Ltd/CNRS

ning of invasion (11 years), with 66% cover on average. M€ullerova
et al. (2005) analysed the same chronosequences derived from aerial
photographs and recorded that hogweed patches reached their maximum size after 20–25 years but decreased later on. Nehrbass et al.
(2006) used a modelling approach and demonstrated that the probability of sampling negative population growth of hogweed
increased with time since first invasion, which also supports
observed declines in hogweed cover over time. The ongoing process of native community recovery in less dense hogweed stands
corresponds to findings of Thiele et al. (2010) who showed that
cover of 50% (i.e. similar to that in the oldest stands of our study)
was the threshold above which the adverse effects of hogweed on
native species richness start to manifest. Studies from other invaded
communities also support the view of a greater negative impact
being associated with increasing exotic dominance (e.g. Ortega &
Pearson 2005).
The second, experimental part of our study indicated a possible
explanation for hogweed decline and recovery of the native community. Specifically, we showed that the survival and biomass of hogweed decreased most markedly when growing in the soil from sites
with the longest invasion history. Importantly, the relationship of
hogweed performance and invasion history was detectable in the
non-sterile rather than sterile soil. This indicates that hogweed performance was controlled by soil pathogens but their effect
depended on the number of successive generations of hogweed
occupying the same site (e.g. Packer & Clay 2004). As the negative
plant–soil feedback is likely to develop slowly, hogweed can grow in
high densities at sites invaded for a short time. With increasing
number of hogweed generations, soil pathogens accumulate and
increase their control over the hogweed performance. Alternatively,
pathogens may have evolved a stronger virulence over time, reducing thus the hogweed density. A similar negative plant–soil feedback
was demonstrated for Sapium sebiferum, a successful woody invader
in southeastern USA, that showed less survival and biomass in soil
collected near con- than heterospecifics (Nijjer et al. 2007). Nijjer
et al. (2007) assume that this negative feedback may decrease Sapium
persistence in invaded communities by limiting self-replacement, but
unlike in our study, the authors do not provide a temporal framework of the expected invader’s decline.
We hypothesise that the increasing hogweed dieback in soil with
a long invasion history is a key for native species recovery. This
process is likely to be further strengthened by decreasing competitive effects of hogweed, as native plants grown with the invader
increased in soil occupied for a longer time. In this case, however,
soil abiotic rather than biotic components drove the relationship as
the variation in hogweed competitiveness was detected for sterile
inocula only. These soil abiotic effects persisted in the pots fertilised by Hoagland solution, a treatment that we applied to control
for chemical differences among different soil inocula as well as for
side effects of soil sterilization (Troelstra et al. 2001). Still, soil
chemical differences influenced the results, probably due to the relatively high ratio of soil inocula to sterile sand. The use of sterile
field soil would probably be more appropriate in this case. There
were also side effects of activated carbon intended to control for
possible allelopathic effects (e.g. Callaway et al. 2005) that were previously documented for hogweed (Junttila 1975). We did not detect
phytotoxicity in our study but the activated carbon reduced hogweed survival and modified the effect of soil inocula on the survival. It is possible, although not proved yet that increased
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hogweed mortality in pots with carbon was due to reduced infection with arbuscural mycorrhiza as reported for Senecio inaequidens
(Weißhuhn & Prati 2009). These authors also found substantial
changes in soil chemistry after carbon addition. These changes
could also have direct negative effects on hogweed survival. Altered
soil chemistry could also outweigh the invasion history-dependent
effects of soil microbiota on hogweed performance. Therefore,
these possible confounding effects of experimental treatments must
be born in mind when interpreting the results of the common garden study.
Our results constitute a rare empirical demonstration that a negative plant–soil feedback (Bever et al. 1997), as an example of a stabilising process (Chesson 2000; MacDougall et al. 2009), can reverse
the initial negative impact of an aggressive invader on native resident species, resulting in their coexistence later on (Flory & Clay
2013). These results provide more sophisticated guidance to prioritise populations for control than recommendations based simply on
invader’s cover or population size; sites with a shorter invasion history should be prioritised in hogweed management. This should not
be taken as an incentive for a ‘do-nothing’ strategy in invasive plant
management, based on the argument that sites with a longer invasion history would recover spontaneously. First, even less vigorous,
older hogweed populations represent obstacles for landscape management since after 50 years they still reach rather high cover, and
serve as a seed source for invasions of intact sites (Nehrbass et al.
2007). Second, given the coupled oscillatory population dynamics of
plants and their pests (Olff et al. 2000; Van der Putten 2003), the
ongoing decline in hogweed cover may be followed by pest retreat,
which, in turn, may allow hogweed population recovery. Therefore,
dynamic processes regulating hogweed populations can rather be
utilised as a complementary tool in informing large-scale systematic
management, but not a management approach to avoid persistent
ecological damage.
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